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While microplastic inputs into rivers are assumed to be correlated with anthropogenic activities and to accu-
mulate towards the sea, the impacts of water management on downstream microplastic transport are largely
unexplored. A comparative study of microplastic abundance in Boulder Creek (BC), and its less urbanized
tributary South Boulder Creek (SBC), (Colorado USA), characterized the downstream evolution of microplastics
in surface water and sediments, evaluating the effects of urbanization and flow diversions on the up-to-
downstream profiles of microplastic concentrations and loads. Water and sediment samples were collected
from 21 locations along both rivers and microplastic properties determined by fluorescence microscopy and
Raman spectroscopy. The degree of catchment urbanization affected microplastic patterns, as evidenced by
greater water and sediment concentrations and loads in BC than the less densely populated SBC, which is
consistent with the differences in the degree of urbanization between both catchments. Microplastic removal
through flow diversions was quantified, showing that water diversions removed over 500 microplastic particles
per second from the river, and caused stepwise reductions of downstream loads at diversion points. This
redistribution of microplastics back into the catchment should be considered in large scale models quantifying
plastic fate and transport to the oceans.

1. Introduction major physio-chemical transformation processes (Krause et al., 2021;

McGivney et al.,, 2020) and interact with the diverse community of

Microplastics (plastic particles <1 mm) (Hartmann et al., 2019)
(here within referred to as MP) are considered to be contaminants of
concern (Lambert and Wagner, 2018) and are omnipresent in all envi-
ronmental compartments on a global scale (e.g.,Bian et al., 2022; Kuk-
kola et al., 2022; Samandra et al., 2022; Zhang et al., 2021). Despite MPs
having been the focus of intense research efforts, the sources, their
environmental entry points, transport mechanisms and resulting distri-
bution in the environment have yet to be fully understood.

It has been demonstrated that rivers represent major MP transport
pathways to the oceans (Lebreton et al., 2017; Meijer et al., 2021), but
can also act as long-term sinks (Drummond et al., 2020, 2022; Margenat
et al., 2021). Additionally, MPs in riverine environments may undergo

* Corresponding author.

freshwater organisms with potentially detrimental effects on species and
ecosystem health (e.g., causing entanglement, suffocation, and intestinal
damage) (Anbumani and Kakkar, 2018; Kukkola et al., 2021).

To fully assess the risks that MPs pose to river environments and their
ecosystem services, it is important to understand how MPs are distrib-
uted within river corridors and how they get transported and potentially
accumulated in river networks (Krause et al., 2021). Previous research
has highlighted the existence of substantial spatial variability in MPs in
surface water and sediment in a wide range of river systems (e.g., Cas-
taneda et al., 2014; Kurki-Fox et al., 2023; Wong et al., 2020). However,
it is less well-established which processes control this spatial variability.
A better understanding of these processes may result in more accurate
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predictions of the full extent to which rivers contribute to global plastic
fluxes into the oceans and for site-specific risk assessments. Additionally,
flux information may be coupled with estimates of MP residence times,
to assess local exposure and potential impacts on freshwater ecosystems.
This could lead to a better understanding of the potential sources and
guide any regional management and mitigation strategies.

Previous research has aimed to identify how population density and
specifically, the location of potential point and diffuse sources of dis-
carded plastic waste influence the spatial distribution of MP. Conse-
quently, land use/land cover has been linked to MP concentration and
distribution in rivers (Grbic et al., 2020; Wang et al., 2021), and global
scale estimates of terrestrial plastic pollution and resulting riverine
contributions to the oceans have predicted pollution hotspots to occur in
densely populated urban areas with poor waste management systems
(Ferraz et al., 2020; Lebreton et al., 2019, 2017; Meijer et al., 2021).
However, a clear correlation between the degree of urbanization and MP
concentration could often not be established (See Talbot and Chang,
2022 for a review; Tibbetts et al., 2018).

There is growing awareness that, in addition to the spatial distribu-
tion of sources, the environmental fate of MPs is strongly determined by
their transport, dispersal and potential deposition and storage along
river networks (de Carvalho et al., 2021; Margenat et al., 2021; Tibbetts
et al., 2018). Flow conditions may strongly affect MP deposition
behaviour and residence time in the hyporheic zone (Drummond et al.,
2020, 2022). Current model predictions of riverine contributions to MP
in the world’s oceans show discrepancies ranging over several orders of
magnitude (Lebreton et al., 2017; Schmidt et al., 2017). Current models
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use only relatively coarse spatial information of river discharge, if
included at all (Siegfried et al., 2017; Uzun et al., 2022; van Wijnen
et al.,, 2019). Very few studies have investigated the change in MP
concentrations in relation to the hydrological regime and the charac-
teristic flow and transport behaviour of the respective river systems
(Campanale et al., 2020; Wagner et al., 2019). A general assumption of
existing large scale plastic transport models is a downstream conver-
gence of particle fluxes along the river network. There is a severe lack of
understanding of the impact of river water management schemes (e.g.,
water diversion for irrigation and drinking water), on MP distribution,
fate, and transport in river corridors, despite the majority of rivers
globally now being regulated in their flow (Barbarossa et al., 2020;
Baumgartner et al., 2022). It may therefore be important to analyse and
quantify the combined impacts of MP source distributions, and their
transport in river networks under the influence of anthropogenically
altered flow and transport conditions, in order to aid model predictions.

Here, we present a comparative field study that applies a paired-
catchment approach to quantify the spatial distribution of MP in two
neighbouring catchments (South Boulder Creek and Boulder Creek,
Colorado, USA) with different degrees of urbanization. This study aims
to (i) characterize the downstream evolution of MP concentration and
associated particle properties in surface water and streambed sediments,
(ii) identify MP source areas using spatial profiles of stream load (the
product of concentration and stream discharge), (iii) evaluate the effects
of a) the mountain to plains transition and b) urbanization, and (iv)
quantify the degree to which flow diversions affect MP concentrations,
loads, and downstream transport.
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Fig. 1. Map of catchment areas indicating major land cover classes (Section 2.4) and sampling locations (black dots) along Boulder Creek (B1-34) and South Boulder
Creek (S1-15), Colorado, USA. Blue arrows indicate flow direction and orange and pink lines the extent of SBC and BC catchment areas, respectively. Coordinates of
each sampling location are provided in Table S1. Land cover class “Other” includes perennial ice/snow, barren land, grassland, shrub/scrub, cultivated crops, and

pastry-hay.
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2. Materials and methods
2.1. Study region

Boulder Creek (BC) and its tributary South Boulder Creek (SBC)
(Colorado, USA) are part of the wider Boulder Creek Watershed, which
extends over 1160 km? and is located in the Front Range of the Rocky
Mountains, east of the Continental Divide. Both catchments cover
diverse geographical and hydro-geomorphological conditions along a
rural-urban gradient and differ significantly in catchment-wide and
near-stream land cover patterns (Fig. 1).

Both streams flow northeast from their mountainous headwaters that
originate at the Continental Divide (elevations >4100 m) and through
canyons (upstream sampling locations B1 and S1 are ~2400 m; sam-
pling locations are further described in Runkel et al., 2022) before they
reach the plains (sampling locations B12 and S6, elevation <1800 m),
and eventually confluence at the eastern edge of the city of Boulder near
sampling point B33 (Fig. 1). Ultimately these waters drain into the
Mississippi River and the Gulf of Mexico, over 2300 km away. The BC
catchment is more urbanized (12% upstream of confluence with SBC)
than SBC (3.9% upstream of confluence with BC). Both are characterized
by a high forest cover (BC 73% and SBC 84%). The catchment areas for
BC and SBC upstream of their confluence are 405 km? and 342 km?
respectively, with a total catchment size of 790 km? at point B34 (Fig. 1).
The sampled river sections cover 36.7 km flow length of BC and 27.7 km
of SBC. Over these sections, river slope varies between 0.003 m/m (B34)
and 0.040 m/m (B9) for BC and 0.005 m/m (S9) and 0.085 (S1) for SBC
while average sinuosity is 1.31 (BC) and 1.39 (SBC), respectively,
indicating a comparable, and generally low degree of meandering. (The
procedures used to determine the foregoing watershed characteristics
are detailed in Section 2.4).

Like for many river systems in the western United States, water
management plays a large role in both streams (Murphy, 2006).
Mountain reservoirs are used to store large volumes of water generated
during spring snowmelt, and this water is subsequently diverted out of
the catchments for municipal and agricultural use through a system of
canals. As such, stream discharge decreases in downstream direction for
long periods of the year.

The BC study reach begins approximately 4 km downstream of
Barker Reservoir, which receives water from the surrounding catch-
ment, a relatively undeveloped area to the east of the Continental
Divide. Water released from Barker Reservoir travels down Boulder
Canyon, entering the City of Boulder near sampling location B12
(Fig. 1). The primary diversion affecting stream discharge during this
study is located downstream of sample location B19, where more than
half of the discharge is diverted away from BC at certain times of year
(Murphy, 2006).

The SBC study reach begins approximately 1.5 km downstream of
Gross Reservoir which receives much of its water from the underground
Moffatt Tunnel that transports water from west of the Continental Divide
to the eastern side (Murphy, 2006). Most of the water leaving Gross
Reservoir is diverted out of SBC downstream of sampling location S1,
supplying water to the city of Denver. SBC flows through the small town
of Eldorado Springs (between S4 and S6, Fig. 1) before entering the
plains downstream of sample location S6. A second major diversion
active during the study period is located downstream of site S13,
resulting in additional decreases in stream discharge.

2.2. Field data and sample collection

Surface water and sediment samples were collected from thirteen
locations within BC and eight sites within SBC (as a subset of a larger
study that included additional sample locations; Runkel et al., 2022).
Sampling took place October 14-18, 2019, during steady low-flow
conditions, which are typical in the research area for the period be-
tween October and March. The relatively steady flow conditions during
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the sampling period were confirmed by stream discharge records from
gauging stations BOCOROCO (~18.5 km downstream from Barker
Reservoir, sampling location B9) and BOCELSCO (~0.7 km downstream
from the major diversion located between S1 and S4) (https://www.
dwr.state.co.us, Fig. 2).

At each sampling site, 50 L of surface water was collected from the
centre of the stream, and from the middle depth (due to low flow con-
ditions ~10 cm) of the water column with galvanized metal bucket.
During sampling the bucket was lowered into the stream horizontally,
opening facing upstream. The bucket was returned to the upright posi-
tion after being filled by the flowing water and the surface water was
filtered through a 63 pm nylon mesh, from which contents were then
transferred into a precleaned 20 mL glass vial using deionized water.
The MP samples collected in this manner are assumed to include
buoyant MPs and MPs with a density greater than water that have yet to
settle to the streambed. Suspended sediment sampling techniques
(Edwards and Glysson, 1999) were not employed in this study given the
steady low-flow conditions in which bedload is assumed to be negligible
contributor to constituent load.

Sediment was collected from both streambanks just above the water
line using a metal spoon. A composite sediment sample from three spots
(within a radius of about 1 m) was collected and stored in a clean glass
jar, giving a final sample mass of 60 - 90 g per streambank. All samples
(Nwater = 21 and Ngediment = 42) were stored at room temperature and
transported to the University of Birmingham, UK for analysis at the end
of the sampling period. Data collected at each sampling point comprised
geographic coordinates, stream depth, cross-sectional area, velocity, and
discharge as measured by Acoustic Doppler Velocimetry (Table S1;
Runkel et al., 2022).

2.3. Sample analysis and QA/QC

Sediment and water samples were extracted using sediment-MP
isolation (SMI) units in accordance with Nel et al. (2020), as described
in supplementary section S1 MP extraction. After extraction, organic
matter (OM) was digested using Fenton reagent and stained with Nile
Red as described in section S1. Samples were analysed with fluorescence
microscopy as described in Kukkola et al., 2023 and section S2. Polymer
identification by confocal Raman spectroscopy (Lenz et al., 2015; Kel-
leher et al., 2023) was employed for roughly 44% of all putative MPs (in
total 206 particles). The procedure and spectra acquisition parameters
are described in section S3. Field background samples, laboratory blanks
and positive blanks were collected and analysed as described in S4. For
the purposes of this study, MP measurements in counts per litre are
hereinafter referred to as concentrations.

2.4. Land cover, population density, and statistical analyses

To understand how MP concentrations vary in relation to catchment
area and the percent of urban land cover, each sub-catchment (defined
as the drainage area discharging towards each sampling location) was
delineated with the USGS program StreamStats v4.6.2 (U.S. Geological
Survey, 2019) and exported into ArcMap 10.7.1 (ESRI, 2011). Popula-
tion density per sub-catchment for 2019 was obtained from the Colorado
State Demography Office (https://demography.dola.colorado.gov) and
land cover classes for sub-catchments were determined utilizing the
National Land Cover Database (NLCD) (Multi-Resolution Land Charac-
teristics Consortium; https://www.mrlc.gov/viewer/) 2019 dataset
which contains official land cover data for the USA (2019) with a res-
olution of 30 x 30 m. The 20 landcover classes from the NLCD data set
were reclassified into nine general categories (see supplementary sec-
tion S5).

To analyse potential local land cover impacts on observed MP con-
centrations, a 500 m circular buffer (A = 0.79 kmz) was created around
each sampling site in ArcMap, to aid identification of possible local
source effects, as compared to the sub-catchment wide approach. To
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Fig. 2. Discharge and precipitation during the sampling period in October 2019. Discharge data are from the Colorado Division of Water Resources gauges
BOCOROCO near Orodell, CO (B9 Fig. 1) and BOCELSCO near Eldorado Springs, CO (https://www.dwr.state.co.us). Precipitation data are from the National Oceanic
and Atmospheric Administration Physical Sciences Laboratory, located at 39.99271N, —105.2652W (Wetherbee et al., 2021).

study effects in sub-catchments, the area per land cover class was
normalized to the respective sub-catchment area. Data were assessed for
normality using a Shapiro-Wilk Test. Spearman’s rank coefficient was
used to determine correlations between MP concentrations and urban
land cover and population density, because MPs data followed a non-
normal distribution.

To evaluate any variation in MPs concentrations in water and sedi-
ment between and within the two streams, Mann-Whitney U and
Kruskal-Wallis tests were applied. Spearman’s rank coefficient was used
to assess correlation direction and strength for MP concentration and
size (measured as longest length) and hydrological parameters. All sta-
tistical analyses were carried out in RStudio (R Core Team 2022) with a
significant threshold of a = 0.05.

2.5. MP loads and estimated concentrations in the absence of diversions

Contributions of MPs from the sub-catchments discharging to each
segment of the study reaches (i.e., the distance between sampling lo-
cations) were quantified using spatial profiles of the stream MP loads
(Table 1), developed by summing the observed load at each location (the
product of stream discharge and concentration) and the load that had
been diverted out of the system (the product of the diverted stream

discharge and the concentration at the nearest upstream site). Profiles of
cumulative load were calculated by summing all positive changes in
instream load, while keeping the cumulative load constant when the
instream load decreased (Kimball et al., 2002; Runkel et al., 2013).
Stream segments with increases in cumulative load thus represent
source areas, with each source area contributing a percentage to the
overall load:

(Ld — Lu)

1
=L €8]

percent contribution = 100 x

where L is the cumulative load, d and u denote the cumulative load at

the downstream and upstream ends of a stream segment, while b and ¢t

denote the cumulative load at the bottom and top of the study reach.
Loading rates (change in load per km) were also calculated for in-

dividual segments (between sampling points) and for the entire study

reach as:

Loading rate = M 2)

distance

where A load is the change in load for the segment or study reach (Lg —

L, or Ly — Ly and distance equals the length of the segment or study

reach (Table 1). Three sampling points were excluded from the loading

Table 1
Microplastic (MP) total, diverted and cumulative loading rates for Boulder Creek (site IDs B1-B28.5) and South Boulder Creek (site IDs S1-S15).
Site Distance Stream Total Surface water Observed Total Obs Cumulative Percent Loading No
D from Discharge Diverted MP (Obs) load Diverted + Div Obs + Div. Contribution rate [MPs™  Div.
reservoir [Ls] stream flow  concentration [MP s'] (Div.) load [MPs  load [MP s] [%] T km™1] Conc
[m] [Ls!] [MP L] [MP s "] [MP L
"
B1 3719 292 0 0.12 35 0 35 35 0.12
B3 9711 230 0 0.12 28 0 28 35 0.12
B9 18,150 399 0 0.04 16 0 16 35 0.04
B10 19,676 453 0 0.17 77 0 77 96 34% 40 0.17
B12 22,266 500 0 0.26 130 0 130 149 30% 20 0.26
B24 26,073 119 426 0.62 74 119 193 212 36% 17 0.35
B27 27,097 140 426 0.26 36 119 156 212 0.28
B28.5 28,272 138 426 0.16 22 119 141 212 0.25
S1 1515 2485 0 0.16 398 0 398 398 0.16
S4 12,319 179 2418 0.02 4 377 381 398 0.15
S6 13,354 248 2350 0.06 15 376 391 407 25% 10 0.15
S9 17,352 293 2350 0.04 12 376 388 407 0.15
S11 18,454 288 2361 0.08 23 376 400 419 29% 11 0.15
S13 21,952 300 2361 0.12 36 376 413 432 32% 0.16
S14 23,848 63 2598 0.14 9 405 414 433 3% 1 0.16
S15 25,630 81 2598 0.16 13 405 418 438 11% 2 0.16



https://www.dwr.state.co.us

A. Kukkola et al.

analysis due to unsteady flow conditions during sampling (B15, B17 and
B19). Two additional BC sites (B33, B34) were also excluded as they are
located below the confluence of BC and SBC and are not used in the
comparison of the two study reaches. These downstream sites are
omitted from our discussion of the results presented in Sections 3.1 and
3.3

Both study reaches have water diversions which decrease stream
discharge. Sampling locations downstream of these diversions will have
a smaller volume of water than they would in the absence of diversions,
and consequently the impact of a given source area and loading rate will
be exacerbated with less dilution occurring due to reduced discharge.
These impacts can be formally quantified by estimating the MP con-
centrations that would be observed in the absence of diversions. MP
water concentrations in the absence of diversions are calculated by
summing the observed and diverted loads and dividing by the sum of the
observed and diverted stream discharge.

3. Results
3.1. Stream discharge

Several flow diversions were active during the sampling event, and
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85% of the stream discharge present at B12 was diverted away from BC
between B12 and B24 (0.43 m®s™!, Fig. 3a) and from 0.06 m® s (S14) to
2.48 m® s (S1) for SBC (Fig. 3b). Several flow diversions were active
during the sampling event, with the major diversion on BC diverting
87% of the stream discharge at B19 away from BC (0.43 m> s'1). For the
SBC study reach, 95% of the stream discharge at S1 (2.35 m3 s"l) was
diverted for use by the city of Denver and 79% of the remaining stream
discharge at S13 (0.24 m? s1) was diverted out of the channel.

3.2. MP concentrations in surface water and streambed sediments

MP were detected in all surface water and sediment samples across
the studied sites (Fig. 4). Mean surface water concentrations for BC were
0.22 MP L' (+ 0.14 standard deviation (SD)), ranging between 0.08
(B9) and 0.62 MP L1 (B24). For SBC, mean MP concentrations were 0.09
MP L (+ 0.05 SD) with a range between 0.02 (S4) and 0.16 MP L™ (S1).
A Mann-Whitney U test confirmed that the difference in MP concen-
tration in the surface water between the two streams was significant (p
= 0.016). Streambed sediments for BC had a mean dry-weight concen-
tration of 186 MP kg’1 (+ 80 SD), ranging between 114 (B3) and 342
MP kg'1 (B24). For SBC the mean sediment concentration was 142 MP
kgl (+ 55 SD), ranging from 98 (S1) to 214 MP kg (S11). Mann-
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Fig. 3. Stream discharge (panels a-b; Runkel et al., 2022), MP surface water concentrations [#MP L] and estimated concentrations in the absence of diversions
(panels c-d), and downstream profiles of MP loads [#MP s'] (panels e-f) for Boulder Creek and South Boulder Creek. Note replicate samples collected at B10 and B17
(panel c). Information presented in panels c-f is presented in Table S1 and/or available from the first author.
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Fig. 4. MP concentration distribution in water (top panel) and sediments (bottom panel) of Boulder Creek (left) and South Boulder Creek (right) (Table S1).

Whitney Test indicated that the difference in sediment concentration
was non-significant (p = 0.091).

The sediment concentrations generally displayed a non-significant
increasing trend downstream, with peaks between sites B12 and B24
(Fig. 4), B12 being where BC emerges from Boulder Canyon at the city
margins of Boulder, while B24 is located at the eastern edge of a high-
density urban area where the highest surface water concentration was
also observed.

Peak water MP concentrations at SBC were recorded at the most
upstream site (S1) and the most downstream site (S15) (0.16 MP L'l); the
highest MP concentrations in SBC sediment were recorded at site S11.
Surface water concentrations in SBC exhibited a linear positive rela-
tionship with distance downstream of the first major diversion (site S1
excluded; Rg=0.964, p = 1.85 x 10", with increasing concentrations
downstream. A similar, but non-significant, trend was also observed in
sediments (Fig. 4).

No correlation was found between stream discharge and the size of
MP either in surface water or sediments at BC; however, a moderate
positive correlation was found between discharge and size of MPs in
surface water at SBC (Table S4). There was no correlation between
discharge and MP concentration in water or sediments (Table S5). No
correlation was found between river velocity or slope and MP concen-
tration in surface water or sediments (Table S5).

3.3. MP loads

The average stream MP load for BC was 97 MP s, with a range
between 16 MP s’ (B9) and 193 MP st (B24) (Fig. 3e). The stream MP
load for BC declines from B1 (35 MP s™1) to B9 (16 MP s'l), after which it
steadily increases to its maximum of 193 MP s™ at B24. MP load then
decreases in the last two stream segments (B27 and B28.5), to 141 MP st
(Fig. 3e).

The average stream load for SBC was 400 MP s', with a range be-
tween 381 MP s’ (S4) and 418 MP s! (S15) (Fig. 3f). The MP stream
load drops between sites S1 and S4, after which it generally increases to
its maximum value at the end of the study reach (S15, Fig. 3f). As will be
discussed in detail in Section 4.4, most of the stream load is diverted out
of the SBC catchment near the head of the study reach.

Average study-reach loading rates were 7.2 and 1.7 MP s km™! for
BC and SBC, respectively. MP loading in BC is dominated by contribu-
tions to the three stream segments ending at B10, B12, and B24 (percent
contributions of 34, 30, and 36% respectively; Fig. 3e). MP loading at
SBC had major contributions at S6 (25%), S11 (29%), S13 (32%), and
S15 (11%) (Fig. 3f).

3.4. Physical and chemical properties of MP

For BC surface water, fragments amounted to 51.7% and fibres to
48.3% of the total MP detected (Fig. 4). Similarly, for SBC surface water,
51.3% of total MP were fragments and 48.7% fibres. No spheres were
detected in water samples from either stream. A clear colour dominated
fragments and a blue colour dominated fibres in both streams. In the BC
sediments, mostly fragments were present (87%), while fibres (12%)
and spheres (1%) played a minor role (Fig. 4). For SBC the percentage of
fragments (93%) was slightly larger while fibres only amounted to 7%.
In sediments from both streams, most fragments were a clear colour
while most fibres were black. In total, 206 putative MPs (44% of total)
were subjected to Raman spectroscopy analysis from which 86% were
positively identified as plastics, with the most common polymer type in
surface water being polyester (50%) and in sediment being polyethylene
terephthalate (36%, for details see supplementary section S6). The
respective identification rate for fragments was 75% and 92% for fibres.

3.5. Land cover impacts on mp

A Mann Whitney U test indicated a statistically significant difference
in urban land cover between BC and SBC upstream of their confluence
(U = 84, p = 0.0001). When assessing the relationship of urban land
cover within sub-catchments to MP concentrations, no correlation was
found in water or sediments for BC. However, at SBC, a very strong
correlation was found in surface water (site S1 excluded; Rs=0.964, p =
1.85 x 107, with no trend evident in the sediments (SBC Rs -0.047, p =
0.910). Besides urbanization, no significant correlations were found for
other land cover types for SBC. MP concentrations in surface water were
positively correlated with forest cover (Rs=0.643, p = 0.024) for BC, but
negatively for SBC (Rs =-0.658, p = 0.075). This is likely due to forest



A. Kukkola et al.

cover in BC increasing downstream towards the confluence but
decreasing downstream at SBC towards more urbanized areas, suggest-
ing that. MP concentrations in surface water and sediment were not
correlated with the total catchment area (BCyater Rs=0.275 p = 0.391,
BCseq Rs=0.322 p = 0.222, SBCyater Rs=0.395 p = 0.332 SBCyeq
Rs=0.476 p = 0.232).

The analysis of land cover impacts in the immediate 500 m buffer
around each sampling location revealed a strong positive correlation
between surface water MP concentration and urban cover at BC
(Rs=793, p = 0.025), and at SBC if the most upstream sampling point
(S1) was excluded from the analysis (RSwiths1=.0299, p = 0.4713,
Rswithouts1=0.828, p = 0.023). For sediments, no significant correlation
was identified for BC (Rs=0.508, p = 0.075) while for SBC the moderate
correlation found was not statistically significant (Rs=0.547, p = 0.160).
None of the other land cover types had any correlation to MP concen-
trations for BC or SBC.

4. Discussion
4.1. MP concentration in surface water and sediments

The more urbanized BC (0.22 MP L}, >63 um) had higher MP con-
centrations in surface water than SBC (0.09 MP L)), but both streams
could be considered to have relatively low MP contamination present
and our findings are similar to other studies in rivers of comparable
properties (remote, mountainous) (Bian et al., 2022; Dalmau-Soler et al.,
2021; Ferraz et al., 2020) and orders of magnitude lower than those
reported from lowland rivers, such as canals in Suzhou city, China (8 - 40
MP L'Y) (>20 um) or Amsterdam, Netherlands (48 -187 MP L'l) (>10
um) (Jin et al., 2022; Leslie et al., 2017). Similarly, BC had higher
sediment MP concentrations (186 MP kg"l) than SBC (142 MP kg'l), but
these are in line with those previously reported from remote areas, such
as from the rivers of the Tibetan Plateau, (50 - 195 MP kg'1 >20 pum)
(Jiang et al., 2019) and from Dafeng River, China, (0.0 - 50.3 MP kg'1
>20 pm).

4.2. The effects of the mountain to plains transition and urbanization on
MP concentrations and types

Surface water and sediment MP concentrations increase in the
downstream direction for both BC and SBC, with downstream trends
being particularly clear in surface water (Fig. 4). This is consistent with
previous studies: six rivers located at a mountain-foothill transition area
in the Chin Ling - Wei River Plain, China, had concentrations of 2.57 +
0.14 MP L (>75 um) in the mountainous areas, with increasing con-
centrations of MP downstream (up to 20.40 + 0.43 MP L'l), which
coincided with an increase of polyethylene films downstream (Bian
et al., 2022). Similarly, in the Llobregat River, Spain, no MPs (>20 pm)
were reported from headwater locations, but concentrations increased
downstream to 3.60 MP L' (Dalmau-Soler et al., 2021). Polyester fibre
and fragment concentrations also increased downstream, which was
attributed to washing synthetic clothes and non-treated discharge
(Dalmau-Soler et al., 2021). This type of downstream change has pre-
viously been attributed to increasing population, urbanization, and
anthropogenic activity, typically present along the flow length(s) of
rivers (de Carvalho et al., 2021; Yuan et al., 2022). These trends
therefore suggest a linkage between MP concentration and urbanization,
given the increase in urbanization with distance downstream that has
been documented in both our catchments. This linkage is further illu-
minated by the sub-catchment analysis. A positive relationship was
detected for MP concentration and degree of urbanization in
sub-catchments of SBC downstream of S1. Though this relationship was
not found for the sub-catchments of BC, the effect of urbanization was
evident in both surface water and sediments, with a clear increase of MP
concentrations at B10 where the stream emerges from Boulder Canyon
and enters the urban area (Fig. 4). This increase is maintained
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downstream of B10, with relatively consistent MP concentrations
through the highly urbanized area (B10-B27). The effect of urbanization
was further supported by assessment of the immediate 0.79 km? buffer
around sampling points, as this revealed a significant local impact of
urbanization in surface water for both BC and SBC (S1 was excluded as
an outlier), indicating that proximity to the source and human activities
is likely to be a critical factor in driving MP concentration in this riverine
environment.

Although data from both streams suggests a linkage between MP
concentration and urbanization, the effect of urbanization can be further
elucidated by directly comparing the two streams. Urban land cover in
the BC catchment is approximately 3.1 times greater than that of SBC
(Section 2.1), and the higher degree of urbanization in BC may be
responsible for the higher surface water and sediment MP concentra-
tions (Section 3.2). Further, the MP loading rate for the BC study reach is
4.2 times higher than for SBC (Section 3.3), in close agreement with the
urban land cover ratio (3.1) and the ratio of loading rates for urban-
derived inorganic constituents considered in the larger study that
coincided with this research (Runkel et al., 2022).

Sub-catchment contributions of MPs to the receiving streams are
formally quantified by the loading analysis. For the case of BC, three
consecutive stream segments represent the dominant MP sources, with
each contributing approximately one third of the MP load (B10-B24;
Fig. 3e, Section 3.3). The sub-reach encompassing these segments begins
upstream of the City of Boulder, suggesting the presence of a margin
around the urban area that is affected by the more populated area: i.e.,
access to numerous mountain homes and recreational activities is pro-
vided by a heavily travelled highway in the lower part of Boulder
Canyon. The lower parts of this sub-reach are within the city proper, and
water and sediment concentrations at its terminus are the highest con-
centrations observed in this study (B24, Section 3.2).

At SBC, higher sub-catchment contributions include S1 at the head of
the study reach and stream segments downstream of Eldorado Springs.
Although the surface water concentration at S1 is high relative to other
SBCsites, S1 is not in an urban area and its concentration is lower than at
the urban sites in BC (Fig. 4). The high MP concentration observed at S1
is likely attributable to its proximity to Gross Reservoir, where potential
sources include recreational activities, water diverted from west of the
Continental Divide, and a nearby road. Though atmospheric deposition
has been reported previously for this study area and adjacent Upper
Colorado area (Reynolds et al., 2022; Wetherbee et al., 2019), the
contribution to MP concentration is expected to remain equal at all sites,
and is not believed to be the driving cause of the relatively high MP
concentrations at S1. All stream segments downstream of Eldorado
Springs contribute to the MP load, except for the segment ending at S9
(Fig. 3f). This loading may also be associated with urban activities, with
potential sources being areas such as Eldorado Springs, low-density
housing upstream of S11, and highways and roads that cross SBC as it
enters the plains.

4.3. The effect of diversions on MP concentrations, loads, and
downstream transport

The magnitude of flow diversions from BC and SBC results in large
quantities of MP being removed from each catchment, despite the
relatively low surface water concentrations observed in both streams.
The diversion downstream of B12 removes ~85% of the water (Section
3.1) and an equivalent percentage of surface water MP from BC (a
removal of 119 MP s’\: Fig. 5). Similarly, the diversion below S1 removes
~95% of the water and MP (a removal of 376 MP s 1) from SBC, while
the second diversion removes ~80% of the remaining water and MPs
(removing 29 MP s}, Fig. 5). While many studies thus far have consid-
ered rivers as dendritic conveyor belts where plastics particle fluxes are
converging along the transport from land to ocean with certain MP
retention times (Hurley et al., 2018; Ockelford et al., 2020), this study’s
quantitative load analysis suggests that water management may have a
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significant impact on MP fate, and the MP flux delivered to the ocean.
The eventual fate of diverted MP depends on the diverted water’s use.
Water used as a source of municipal drinking water may result in the
sequestration of MP, given the effectiveness of water treatment plants
that remove 80-93% of MPs (>20 pm) from potable water supplies
(Dalmau-Soler et al., 2021; Shen et al., 2020). In contrast, water diverted
for agricultural purposes re-routs and disperses MPs to the wider
terrestrial environment, and these particles may be flushed back into
streams in the long term.

Diversions may also have a large impact on MP concentration, fate,
and transport in the downstream portions of these managed systems.
Estimated MP water concentrations are calculated for sampling loca-
tions downstream of large diversions (Section 2.5) and are shown in
Fig. 3c-d and Table 1. An example of this effect is B24, the site with the
highest MP concentration recorded in this study. B24 is the first sam-
pling location downstream of the large diversion on BC, and its con-
centration is roughly double that of all other BC locations, despite
having a percent contribution to the total load that is comparable to the
stream segments above the diversion and a loading rate that is lower
(Table 1). This disconnect is explained by the large magnitude of the
diversion; the estimated concentration at B24 in the absence of the
diversion is similar to that of nearby sites and what appears to be an
outlier is just an artefact of the flow regime. A second example of this
effect is the large diversion on SBC below S1. With the diversion in place,
most of the MP mass is diverted out of the system and what remains in
the stream is more easily diluted by waters in the undeveloped portions
of the SBC canyon. In the absence of this diversion, MP concentrations at
the downstream locations would have the concentration signature of S1,
as this large volume of water (and large amount of MP mass) would be
relatively unaffected by the sources downstream (Fig. 3d).

Diversions also alter the hydrodynamic conditions of the down-
stream reach, potentially changing the fate of the MP travelling in the
water column. In the case considered here, the diversion on BC causes a
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dramatic decrease in stream velocity, with a median velocity below the
diversion (0.14 m s}, B24-B28.5) that is roughly half the velocity above
the diversion (0.26 m s'l, B1-B19; Table S1). This decrease in velocity
increases MP residence time in the stream segment, potentially resulting
in increased settling of MP mass to the streambed. In addition, median
stream depth decreases below the diversion (0.2 m, B24-B28.5; median
0.3 m, B1-B19), increasing the probability that MP will settle and
become entrained in the streambed. The effects of these changes are
evident in the loading analysis, with instream loads decreasing in two of
the three segments below the diversion (B27 and B28.5, Fig. 3e). This
additional loss of MP mass may be attributable to increased settling and
retention in the streambed.

In summary, little focus has been given previously to how water
management activities affect MP transport downstream, and the effects
have not been incorporated into global models to date. The total
diverted load within this system was as high as 524 MP s}, which is a
significant finding given that the present study was conducted in a
relatively remote mountain watershed over a short spatial scale. It has
been estimated that in the year 2012, 241 km® of water was diverted for
the purpose of agriculture in North America alone, and 2670 km>
globally (Frenken, 2012). Using values from this study, an estimated
41.39 x 10'2 MP particles >63 um are redistributed to the terrestrial
environment in North America and as many as 45.93 x 104 (or 459
trillion) MP globally. However, as the numbers for diverted MP used
here are only representative of this relatively remote system, this is
likely a gross underestimation of the global total, as higher MP con-
centrations have been reported in lower order streams (up to 25.5 + 3.5
MP L in the Maozhou River) (Kumar et al., 2021; Wu et al., 2020). This
implies that diversions located in more polluted systems will unavoid-
ably carry and re-distribute more MP than estimated here, none of which
has been integrated into global or regional MP models. In 2020, ~693
million m® per capita of surface water was diverted globally for purposes
of irrigation, industrial processes, and potable water (OECD, 2022), and
extended monitoring of MP in water diversions may help bridge the gap
between research and regulations (Coffin, 2023). Further, the water
diversions and the MP they divert, have not been accounted for in any of
the current global models. The models may therefore overestimate the
total amount of MPs flowing into oceans and simultaneously underes-
timate the quantity ending up in terrestrial ecosystems due to this
re-distribution.

4.4. Advantages of the load approach

The application of a loading analysis developed for metal contami-
nation (Kimball et al., 2002; Runkel et al., 2013) to an assessment of MP
results in several advances in understanding the concentration and fate
of this contaminant in streams and rivers. First, stream discharge mea-
surements made at each sampling location allow for the development of
longitudinal loading profiles (Fig. 3e-f) that are in turn used to identify
MP sources in a quantitative manner (Table 1). This identification, based
on MP load, cannot be done using concentration data alone. In the case
of metal contamination from mining, the identified stream segments are
further investigated to pinpoint specific inflows responsible for the mass
loading (e.g., tributary inflows, small springs and/or groundwater). This
follow-up activity is more complicated for MP, due to potential contri-
butions from atmospheric transport (Wetherbee et al., 2019; Brahney
et al., 2020; Sun et al., 2022), a mechanism that is not a factor in the
studies of metal loading upon which this work is based (Kimball et al.,
2002; Runkel et al., 2013). As such, additional techniques may be
needed to further elucidate MP sources. Second, the loading analysis
allows for the identification of potential removal mechanisms, such as
settling from the water column to the streambed. Third, our detailed
analysis of the effects of diversions would not be possible without the
quantitative loading approach. As shown here, the reduction in water
volume due to diversions can result in a higher relative concentration of
MP at a site, and locations with seemingly high concentrations can be
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erroneously considered hotspots if only concentration data are consid-
ered. Our analysis does in fact identify the site with the highest con-
centration as a hotspot (site B24, Section 4.3), but the associated percent
contribution, loading rate (Table 1), and concentration in the absence of
diversions (Fig. 3c) indicate that this stream segment is no different from
the stream segments immediately upstream. This suggests that some
recorded hotspots in the literature may not be the result of increased
input, but rather the result of water diversions upstream of the sampling
site. This finding could also have profound implications on studies of
freshwater organisms, as these sudden changes in water volume could
lead to higher local exposure, a factor that could be considered when
assessing ecosystem health.

5. Conclusion

Our research revealed profound links between the degree of urban-
ization and MP concentrations, even in the investigated mountainous
streams. It clearly demonstrates the worth of loading analysis for load
identification per stream segments, which can lead into better source
identification in the future and inform regional management and miti-
gation efforts. More importantly, it highlighted the crucial role of water
diversions on MP concentrations and loads, with over 500 MP s being
re-distributed from the stream network into the catchment and beyond
due to diversions. Clearly, these findings highlight the importance of
understanding river catchments as complex systems, rather than the
dendritic model through which MP only converge downstream which
underlies most existing models for the simulation of global plastic fluxes
from terrestrial compartments to the ocean. Our findings demonstrate
that we are only beginning to uncover the true complexity of how rivers
contribute to global MP flows, and that anthropogenic impacts on water
management practice such as river diversions can have substantial
impact on MP fate and transport.
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